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Urbanization is one of the major threats to wild plants and pollinators, and its global 
increase demands a better understanding of the mechanism driving its negative impact. 
Urban warming and altered local environmental conditions have the potential to affect 
the timing of flowering and of pollinator activity. While previous evidence has shown 
that plant phenology tends to advance in urban areas, little is known about its effects 
on pollinator phenology. In this study we simultaneously assessed the response of the 
timing of flowering of native plants and of the flight period of wild pollinators to 
increased urbanization. We collected data from 12 sites along an urbanization gradi-
ent in northern France, a region under strong anthropogenic pressure. Overall, we 
recorded more than 70 plant species, and we sampled more than 4300 wild bees and 
hoverflies belonging to 154 species. Plant flowering showed a strong response to urban-
ization at the community level with a striking advancement of the flowering peak in 
sites at high urbanization. On the contrary, pollinator communities did not show any 
clear shift of their flight phenology along the gradient, neither regarding abundance 
nor diversity. Our results indicate that phenologies of plant and pollinator communi-
ties can respond differently along the same urbanization gradient. These asymmetric 
responses can drive modifications in the structure of plant–pollinator networks, and 
potentially negatively affect the fitness of both mutualistic partners.
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Introduction

The global proportion of urban areas and their human population have grown dramat-
ically during the last century and are projected to grow further over the next decades 
(United Nations, Dept of Economic and Social Affairs 2015). As a result of intensified 
human pressure, native animal and plant species are increasingly threatened by a vari-
ety of anthropogenic factors such as habitat modification and fragmentation, or the 
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introduction of alien species (Williams  et  al. 2009, Adams 
and Lindsey 2011, Aronson et al. 2014). In addition, urban 
biodiversity must cope with altered local climates through 
increased temperatures (‘urban heat island’) and modified 
water regimes (Parlow 2011, McGrane 2016). Hence, urban 
species could experience greater negative effects of regional 
climate change compared to non-urban species (Ziska et al. 
2003, Emilsson and Ode Sang 2017). The dynamics of urban 
biodiversity thus deserve more attention as they might help 
us to better assess the potential impacts of human activities 
on ecosystems.

Plant and pollinator communities can be significantly 
affected by urbanization. The replacement of soils with 
anthropogenic surfaces, together with the deliberate altera-
tion of natural landscapes, act as filters that shape plant 
and pollinator community diversity and composition 
(McKinney 2008, Williams et al. 2009, Dunn and Heneghan 
2011, Hamblin  et  al. 2017, 2018, Martins  et  al. 2017, 
Harrison  et  al. 2018). In particular, the urban heat island 
effect is regarded as a major driver of plant developmental 
events (i.e. their phenology, Roetzer et al. 2000, Neil and Wu 
2006, Parlow 2011). Increased temperatures can drive shifts 
in plant phenologies by modifying the onset, peak or length of 
flowering, especially in annual insect-pollinated plant species 
that flower in spring (Fitter and Fitter 2002, Calinger et al. 
2013, CaraDonna  et  al. 2014). In parallel, an augmenta-
tion of temperatures can significantly alter the phenology of 
insect species, mainly through physiological effects on win-
ter diapause (Forister and Shapiro 2003, Altermatt 2010, 
Sgolastra  et  al. 2010). Analyses on long-term data suggest 
that plants and pollinators generally shift their phenologies 
at the same pace in response to increased global temperatures 
(Bartomeus et al. 2011, Rafferty and Ives 2011, Burkle et al. 
2013, Ovaskainen  et  al. 2013). Nevertheless, phenological 
mismatches may occur and are expected to increase in the 
future in a context of global change (Gordo and Sanz 2005, 
Visser and Both 2005, Kudo and Ida 2013). Also, year-to-
year variations in the flowering period of plants and timing 
of pollinator activity can induce single-year phenological 
mismatches, which can lead to a significant reduction of 
plant reproductive success (Kudo and Cooper 2019). While 
phenological shifts in urban habitats compared to their sur-
roundings have been well documented for plants (Neil and 
Wu 2006), little is known regarding pollinator phenology  
in this environment (but see Leong  et  al. 2016, Harrison   
et al. 2018).

Uneven phenological shifts in plants and pollinators 
can lead to interaction mismatches (Ogilvie and Forrest 
2017). If pollinators cannot cope with the changes of phe-
nology of the plants they rely on, they could face shortage 
of resources with consequences on different fitness param-
eters (Schenk et al. 2018); at the same time, plants that lose 
their pollinators (e.g. because of phenological mismatch) 
may experience shortage of compatible pollen and reduced 
fruit or seed production (Thomson 2010, Rafferty and Ives 
2012, 2013). Moreover, increased temperatures may cause 

physiological constraints on pollinators’ activity (Scaven and 
Rafferty 2013, Hamblin et al. 2017), potentially modifying 
their foraging patterns and reducing their flight distance with 
negative consequences on pollen flow at larger scale.

To date, the few studies that have analysed the joint 
responses of plants and pollinators have focused on the con-
sequences of global climate change, while no study has yet 
considered parallel phenological changes in urban environ-
ments (Forrest 2015). Moreover, recent works on pollinator 
phenology in urban environments have compared extremely 
contrasted landscapes, such as natural, agricultural and urban 
areas (Leong et al. 2016, Harrison et al. 2018), but not urban 
areas among them. In the present study, we compare plant 
and pollinator phenologies along a gradient of increasing 
urbanization in a context of strong anthropogenic pressure 
in northern France, a region that has undergone intense 
human-mediated transformations over the last century 
(Toussaint et al. 2008, Deguines et al. 2014, Hautekèete et al. 
2015). We simultaneously investigated the temporal dynam-
ics of flowering abundance and diversity of native herbaceous 
plants, and the flight activity period of wild bee and hoverfly 
pollinator communities. By analysing these two components 
of mutualism simultaneously, we aim to evaluate whether 
they respond similarly to urbanization or whether there is 
potential for phenological uncoupling.

Material and methods

Study sites and urbanisation gradient

We performed this study in the Métropole Européenne de 
Lille, a densely populated territory (1 139 929 inhabitants 
in 2014, 1749 inhabitants km−2; Insee 2017) located in 
northern France (Fig. 1). To compare study sites that vary 
in urbanization levels but with similar flowering plant com-
munities, we focused on wildflower meadows that are homo-
geneously managed by the local Parks and Gardens Services 
throughout the Métropole area. These meadows were sown 
between 2010 and 2015, independently from this study, 
using a standardised seed mix containing only herbaceous 
plants native to the region (list of species included in the 
seed mix in Supplementary material Appendix 1 Table A1a, 
seeds purchased from Ecosem, Corroy-le-Grand, Belgium). 
Wildflower meadows were completely or partially mown at 
the beginning of summer (end of June–beginning of July) to 
avoid an overgrowth of Poaceae species and to favour a second 
flowering of some species in the late summer–early autumn. 
We selected 12 sites across an urbanization gradient based on 
the proportion of impervious surfaces within a 500 m buf-
fer around the site edges (Fig. 1). Sites were not regular in 
shape, and sites 8 and 10 consisted of two meadows 5 and 
10 m away from each other, respectively. Impervious surfaces 
(i.e. roads, buildings, parking lots, etc.) are a common proxy 
for urban development, and are related to an increase in 
temperature (Stewart and Oke 2012). A 500 m buffer covers 
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the estimated maximum foraging distance for most wild bee 
species (Gathmann and Tscharntke 2002, Greenleaf  et  al. 
2007, Zurbuchen et al. 2010, Wright et al. 2015) and hov-
erfly species (Lovei  et  al. 1998, Wratten  et  al. 2003). We 
used the geographical information system program ArcGIS 
10.4 (ESRI 2011) to define the land cover types surround-
ing the study sites and to construct the gradient. We used 
the pre-existing land-use map ‘SCOT – Territorial coher-
ence scheme’ for the Métropole Européenne de Lille from 
2015 (Agence de développement et d’urbanisme de Lille 
Métropole 2016, hereafter ADULM) as the baseline, and 
obtained a functional land cover at 5 m resolution by photo-
interpreting aerial photographs taken in 2015 (<www.
ppige-npdc.fr>). We considered sites with less than 50% 
cover of impervious surfaces as low urbanization sites (sites 
1–4, mean impervious surface ± SD = 25.9 ± 14.1, Fig. 1), 
and those with more than 50% cover of impervious sur-
faces as the urban core (McKinney 2008). Sites in the urban 
core were further divided into medium (50–69% impervi-
ous surfaces, sites 5–8, mean impervious areas = 62.3 ± 5.8) 
and high (70–100% impervious surfaces, sites 9–12, mean 
impervious areas = 78.0 ± 3.1, Fig. 1) urbanization sites 
(Glaum  et  al. 2017). Therefore, although there were no 
similarly managed green areas in the highly urbanised city 
centre, the 12 selected sites displayed a range of cover by 
impervious surface from 8.6 to 80.5%. More details about 
site characteristics are reported in the Supplementary mate-
rial Appendix 1 Table A2.

Flowering abundance and diversity

We visited each of the 12 sites every other week from 4 April 
to 29 June 2017. We visited three sites per day, with all sites 
being visited within 4–10 days (median: 4 days), depending 
on weather conditions. At each sampling event, we identified 
all plant species in flower with the help of a dichotomous 
key (Lambinon et al. 2004). None of the few trees present 
in some of the study sites flowered during our samplings, 
and were therefore excluded from the analysis. No shrubs 
were present in any of the study sites. We included in the 
analysis all herbaceous flowering plants encountered, includ-
ing species growing from both the seed bank and from the 
seed mix sown by local practitioners. We chose a simplified 
method that combines information on flower cover and 
flower quantity. First, we estimated the total proportion of 
surface covered by floral units (sensu Gibson et al. 2006) of 
all flowering species at each study site. Then we estimated 
the relative abundance of each flowering species. To rank 
flowering species we used Braun–Blanquet’s coefficients of 
abundance–dominance, ranging from i to 5 for least to most 
abundant respectively (van der Maarel 1979, Mucina et  al. 
2000). We then converted these coefficients in percentage 
intervals and in mean values of percentage cover classes: i – 
1 individual, + – few individuals less than 1%, 1 – 1–10%, 
2 – 11–25%, 3 – 26–50%, 4 – 51–75%, 5 – 76–100% (de 
Manincor  et  al. 2020). All estimations were performed by 
the same observer. We defined flowering period as the period 

Figure 1. Map of the twelve study sites in the Métropole Européenne de Lille, France. Urbanization classes are based on the percentage cover 
of impervious surfaces within a 500 m buffer: low urbanization (blue dots) < 50%, medium urbanization (yellow dots) 50% < x < 70%, 
high urbanization (orange dots) ≥ 70%. Light and dark green represent agricultural and green areas, respectively. Light and dark grey rep-
resent impervious surfaces. Blue represents water surfaces. Site characteristics are reported in Supplementary material Appendix 1 Table A2.
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included between the first and the last day a plant has been 
observed in flower, and flowering peak as the highest per-
centage of flower cover estimated throughout the season. We 
defined the number of plant species in flower at each survey 
as plant flowering richness.

Pollinator sampling

Pollinators were sampled on the same days we recorded flower 
abundances, with similar and favourable weather conditions 
in all sites at each sampling event (clear sky or scattered clouds, 
maximum temperatures > 15°C, and low wind). We focused 
on the two major pollinator groups at middle European 
latitudes (Ollerton 2017): bees (Hymenoptera: Anthophila) 
and hoverflies (Diptera: Syrphidae). Even though we did not 
measure pollination efficiency, these taxa have the potential 
to be pollinators to some extent of at least some of the visited 
plants in the study sites, therefore we refer to them as pollina-
tors throughout the text for simplicity. We used pan trap and 
hand net captures at the same time to increase sampling effi-
ciency for both bees and hoverflies (Leong and Thorp 1999, 
Laubertie  et  al. 2006, Roulston et  al. 2007, Grundel  et  al. 
2011, Joshi et al. 2015). Pan traps consisted of plastic bowls 
painted with UV-bright white, blue and yellow paint, follow-
ing the widely used method recommended by Westphal et al. 
(2008). At each sampling date, three clusters including one 
trap per colour (nine traps in total) were placed in all the stud-
ied sites, and were activated in the morning (between 09:00 
a.m. and 11:30 a.m.) with soapy water (200 ml) to avoid 
the escape of insects. Pan traps were set out for at least 6 h 
(median: 7 h). Insects captured with pan traps were collected 
from all sites in the late afternoon of the same day (between 
03:30 p.m. and 06:30 p.m.), and stored in ethanol 70% until 
pinning. In addition to pan traps, we set up variable tran-
sects in which two operators randomly walked each site for 
45 min and collected the pollinators encountered, indepen-
dently of where they were found (i.e. on the bare ground, on 
the vegetation or visiting a flower). Transects started around 
11 a.m. at the first site visited in the morning, around 01 
p.m. at the second site and around 03 p.m. at the third site. 
Insects sampled with hand nets were put in killing vials with 
ethyl acetate, and transferred to the laboratory for pinning. 
We changed the order of site visits within each field session to 
reduce the effect of daily weather differences on insect activ-
ity (details on visiting sequences in Supplementary material 
Appendix 1 Table A2). We did not detect any persistent trend 
in the measured temperature or relative humidity (measured 
during visits using a Tinytag Plus 2 data logger), among site 
triplets visited at each sampling event, nor between classes 
of urbanization (Supplementary material Appendix 2 Fig. 
A1). All sampled specimens were later identified to the spe-
cies level by expert taxonomists (list of specialists is reported 
in the Acknowledgement section) and deposited at the EEP 
Laboratory at the Univ. of Lille, France.. We excluded Apis 
mellifera since its presence, and therefore apparent phenol-
ogy, is strongly related to human activity (i.e. beekeeping).

Data analysis

All statistical analyses were performed in R ver. 3.4.3 
(<www.r-project.org>).

To analyse the overall homogeneity of flowering plant spe-
cies composition among sites, we used latent block models 
(LBMs) based on presence–absence data and Bernoulli dis-
tribution (R package blockmodels; INRA and Leger 2015). 
LBMs are probability-based models that simultaneously clus-
ter sites (rows) and species (columns) based on latent blocks 
(Govaert and Nadif 2008, Keribin et al. 2015, Thomas et al. 
2015). An incidence matrix was generated to highlight 
homogeneous blocks of sites and species (Supplementary 
material Appendix 3 Fig. A1a). We performed the same anal-
ysis on the presence–absence of pollinators in the 12 sites 
(Supplementary material Appendix 3 Fig. A1b).

To analyse temporal changes in the flowering species com-
munity composition among the three urbanization classes, 
we performed LBMs with quantitative data and Poisson dis-
tribution (INRA and Leger 2015). To carry out this analy-
sis we used six categorical variables for the sampling dates 
(i.e. early and late April, May and June, respectively). First, 
we performed LBMs on the proportional flower cover of 
each species (columns) found at each sampling date in each 
site (rows, Supplementary material Appendix 3 Fig. A2a). 
Second, we calculated the average date xj at which plant j was 
flowering as:

x
a t

aj
i ij i

ij
=
å 	 (1)

where ti is the date of sampling in site i and aij is the flower 
cover of plant j in site i and time ti. Third, we calculated the 
average date of flowering of each ‘site × sampling date’ block 
K retrieved by the LBMs (Supplementary material Appendix 
3 Fig. A2a) as:
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where I(K) represents the set of sites × sampling dates cor-
responding to block K.

Finally, we ordered blocks according to flowering sequence 
and we created one heat map (packages ‘ggplot2’ and ‘viri-
dis’, Wickham 2016, Garnier 2018) for each urban class with 
tiles coloured as a function of site density (i.e. the number 
of sites included at any time ti in a given block). We per-
formed the same analysis for pollinators using the abundance 
of each insect species found in each site at each sampling 
date and calculating the average date of insect flying activ-
ity for each ‘site × sampling date’ block as retrieved by LBMs 
(Supplementary material Appendix 3 Fig. A2b).

We modelled the temporal variation of several response 
variables in the three urbanization classes by means of 
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generalized linear mixed models (GLMMs; function glm-
madmb, Skaug et al. 2018) using the general formula:

Variable urban day day urban day urban day site~ : : ( | )+ + + + +2 2 1 	 (3)

where urban is the urbanization class (low, medium or 
high), and day is the Julian day of the year (1 January = 1, 31 
December = 365). We included day2 to allow for non-linear 
effects, and site as random effect to account for the variability 
among sites within a same urban class. We chose the best 
model(s) based on goodness-of-fit using the Akaike informa-
tion criterion with correction for small sample sizes (AICc), 
and by selecting the model(s) with the lowest AICc value 
(Burnham and Anderson 2002). If ΔAICc values between 
some models were lower than 4, we used model averaging 
to calculate a weighted average of the parameter estimates 
(R package MuMIn, Bartoń 2019), based on Akaike weights 
proportional to exp(−ΔAICc/2) (Burnham and Anderson 
2002, Massol et al. 2007). Finally, we calculated 95% jack-
knife confidence intervals for the estimated model fits.

We modelled total community flowering cover and cover 
of the ten most common flowering species using GLMMs 
with Gaussian error distribution (Supplementary material 
Appendix 3 Fig. A3) on relative abundances p (abundances 
divided by their maximum site-wise value throughout the 
season), further transformed into ‘almost logit’ variables y to 
approximate a Gaussian distribution following:
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We modelled total pollinator abundance and the abun-
dance of the six pollinator families found in this study using 
GLMMs with negative binomial distribution and logarithm 
link (Supplementary material Appendix 3 Fig. A4), using 
the number of sampled pollinators at each sampling date as 
response variable. We modelled flowering and pollinator rich-
ness using GLMMs with binomial error distribution (logit-
link) using the number of species found at each sampling 
event as the response variable. For models of species richness, 
we excluded rare flowering species (i.e. species included in 
block 3, Supplementary material Appendix 3 Fig. A2a) and 
pollinator species found as singletons (single occurrence) 
because the temporal distribution of these species was not 
informative on potential phenological mismatches. Using 
binomial error, rather than Poisson, allowed us to obtain 
more conservative estimates of standard error for mean spe-
cies richness (i.e. without assuming that the mean and vari-
ance of species richness coincide).

Results

We conducted a total of 69 field sessions at the 12 study 
sites along the three-month study period (87 days). All sites 

were visited six times, with the exception of sites 5, 6 and 10 
(Fig. 1), which were visited five times because of prolonged 
bad weather from mid to late April.

Plant and pollinator communities

Overall, we found a total of 74 flowering plant species, all 
native to the region, including both species originating from 
the seed mix and species developed from the local seed bank 
(Supplementary material Appendix 1 Table A1a). We sam-
pled a total of 4317 pollinator individuals (3601 bees, 716 
hoverflies) belonging to 6 families, 43 genera (19 bee and 24 
hoverfly genera) and 154 species (102 bee and 52 hoverfly 
species). Overall, 78.6% of the observed species interacted 
with species from the other trophic level (80% of plants, 
77.9% of pollinators, Fisogni et al. 2020a). The list of pollina-
tor species is reported in Supplementary material Appendix 1 
Table A1b, and their abundance at each site × sampling event 
is available in the Zenodo Digital Repository (Fisogni et al. 
2020b).

The overall flowering plant community composition was 
homogeneous among sites (i.e. only one block was retrieved 
for sites in the LBM, Supplementary material Appendix 3 
Fig. A1a), while plant species differed in their occurrence pat-
terns – independently from urbanization classes – and could 
be classified into three groups (three blocks for plants in the 
LBM: one group containing the ten most common flowering 
species, a second group the less common species and a third 
group the rare species, Supplementary material Appendix 3 
Fig. A1a). Similarly, the overall pollinator community com-
position was homogeneous among sites, while two blocks 
were found for common and less common pollinator species, 
respectively (Supplementary material Appendix 3 Fig. A1b).

Phenology of flowering plants and pollinators

LBMs on quantitative data retrieved 15 ‘site × sampling date’ 
blocks for the plant community and 7 for the pollinator 
community (Fig. 2, Supplementary material Appendix 3 
Fig. A2a–b). Heat maps highlighted an effect of urbaniza-
tion on the flowering plant community composition: similar 
plant communities (i.e. belonging to a given block) tended to 
flower earlier at medium and high urbanization compared to 
low urbanization (Fig. 2a). On the contrary, no clear pheno-
logical shifts appeared for the pollinator community among 
urbanization classes (Fig. 2b).

Urbanization had a strong effect on flowering phenology 
at the whole plant community level (significant effect of the 
interactions ‘urban:day’ and ‘urban:day2’ in the best model, 
Table 1, complete model coefficients in Supplementary mate-
rial Appendix 4 Table A1). The estimated flowering peak 
occurred about four weeks earlier in high urbanization sites 
than in low urbanization sites (Fig. 3a). Flowering began 
earlier and the proportion of flower cover increased faster in 
medium than in low urbanization sites, although the flower-
ing peaks occurred at about the same time (Fig. 3a). Similar 
patterns were found for the majority of the ten most common 
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flowering species, with a general advancement of flowering in 
highly urbanised sites, while four species did not show any 
phenological changes (Supplementary material Appendix 3 
Fig. A3, Supplementary material Appendix 4 Table A1, A2). 
The peak of flowering richness occurred considerably earlier 
at both medium and high urbanization than at low urbaniza-
tion (Fig. 3c).

Whole pollinator community abundance increased 
throughout the season and did not show significant tem-
poral shifts among urbanization classes (Fig. 3b, Table 
1). Similar patterns were observed for pollinator families, 
independently of their phenology (i.e. early or late pollina-
tors), with only rare weak interaction effects between date 
and urbanization class (Supplementary material Appendix 3 
Fig. A4, Supplementary material Appendix 4 Table A1, A2). 
Total pollinator richness increased moderately over time and 

did not differ between urbanization classes, although it was 
always slightly lower at high urbanization than at medium or 
low urbanization (Fig. 3d).

Discussion

We found that increased urbanization strongly affected the 
timing of flowering but not of pollinators’ flying activity. 
Plant species communities showed a striking advancement of 
the peak of flowering in high urbanization sites compared 
to low urbanization sites, as well as an earlier peak of floral 
resource diversity. On the contrary, pollinator communities 
did not display clear patterns of temporal shifts in their abun-
dance or diversity.

Plant flowering phenology may shift in time via plastic-
ity or directional selection as an adaptation to changes in 
light and temperature conditions (Anderson  et  al. 2012, 
Richardson  et  al. 2017), which are typically intensified in 
urban environments (Stewart and Oke 2012, Hale  et  al. 
2013). The early onset of flowering that we have observed in 
highly urbanised sites compared to low urbanised sites agrees 
with other studies that showed similar responses of flowering 
to an increased urbanization (Roetzer et al. 2000, Neil and 
Wu 2006). Moreover, we detected not only a faster increase 
of the proportion of flower cover along the gradient, but also 
a clear shift in the timing of flowering peak among the three 
urban classes. This advancement of the spring phases along 
an urban gradient – that is, without considering highly con-
trasted areas (e.g. natural versus agricultural versus urban) 
– emphasizes the major impact of urbanization on plant flow-
ering phenology.

Contrarily to flowering plants, we did not observe appar-
ent changes in the phenology of pollinator communities 
along the gradient of urbanization with respect to either their 
abundance or richness. The perceived asymmetric impacts 
of urbanization on plants and pollinators can be partially 
related to a differential phenotypic plasticity, e.g. a stronger 
phenological response to changes in spring temperatures in 
plants than in pollinators (Iler  et  al. 2013, Kudo and Ida 
2013, Kudo 2014, Pyke  et  al. 2016). This can also reflect 
responses to different cues (e.g. temperature versus photope-
riod), or to similar stimuli that display fine-scale geographi-
cal variation. Plants, being sessile, may then respond to the 
local (micro)climate in the timing of flowering. Conversely, 
bees and hoverflies might respond to microclimatic cues 
of possibly distant nesting sites as well as to the proximity 
and availability of floral resources outside the study areas. 
The mobility of pollinators can allow them to track flower 
resources over time within a certain spatial range, which can 
confound the effects of local conditions at the study sites, 
especially for species with a wider range of flight. However, 
the mobility of pollinators with potential long flights (e.g. 
bumblebees) can be limited in urban environments (Van 
Rossum and Triest 2010), suggesting that land use at the 
local scale plays a major role in determining the response of 
pollinator phenology.

Figure 2. Heat map of the (a) flowering plant and (b) pollinator 
community phenology in the three urbanization classes obtained 
from the LBMs (latent block models). Each tile represents a 
‘site × sampling date’ block, as retrieved from LBMs (letters corre-
spond to blocks in Supplementary material Appendix 3 Fig. A2a–
b), at a given sampling date (1–2: early and late April, 3–4: early 
and late May, 5–6: early and late June). Tile colours are a function 
of site density (i.e. the number of sites occurring within a given 
block). Sites with similar community composition showed advanced 
phenology at higher urbanization for plants (diagonal shifted to the 
left), but not for pollinators.
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Whatever the causes, our results show a potential mis-
match between plant flowering phenology and pollina-
tor activity along the studied gradient of urbanization. 
Phenological mismatches can disrupt plant–pollinator net-
works (Memmott et al. 2007), and can potentially negatively 
affect the fitness of both mutualistic partners if they face a 
shortage of pollen vectors or foraging resources (Schenk et al. 
2018, Kudo and Cooper 2019). The mismatch observed 
in this study has likely driven modifications in the struc-
ture of plant–pollinator interaction networks at different 
levels of urbanization (Fisogni  et  al. 2020a), and can be 
expected to result in reduced pollination services in urban 
areas (Rivkin et al. 2020). However, the relatively constant 
abundance and high diversity of the pollinator community 
recorded in the study sites throughout the season – more than 
150 species sampled in a three-month study period – could 
favour functional redundancy and may play an important 
role in ensuring an overall phenological synchrony and an 
adequate pollen supply to flowering plants (Bartomeus et al. 
2013, Theodorou et al. 2017).

The relatively high abundance of flowering plants observed 
at the study sites might support the local populations of pol-
linators along the urban gradient. We have found both spe-
cialist and generalist pollinators visiting flowers from spring 
to early summer (Fisogni et al. 2020a). It is important to note 
that the management of the sites foresees the use of native 
plants, ensuring the presence of species with abundant flo-
ral resources at different time periods (e.g. Taraxacum sp., 
Leucanthemum vulgare and Centaurea jacea; Hicks  et  al. 
2016), but also requires a summer mowing to reduce the 
emergence of weeds and encourage a second flowering in 
early autumn. This type of management can produce a gap 
in foraging resource availability during summer, and can 

interact with the early decline in flowering observed in highly 
urban areas. However, pollinators can feed on other species 
outside the study sites, for example on trees, ornamental 
plants, or in public and private gardens (Frankie et al. 2005, 
Banaszak-cibicka and Żmihorski 2012, Somme et al. 2016), 
and the advancement of phenology in urban areas may not be 
fatal especially for species active late in the season.

In this study we could not separate the effects of abiotic 
(e.g. increased temperatures, soil humidity, rain intensity, air 
and light pollution) and biotic factors (e.g. biotic interac-
tions, genetic variation), which likely interact in determining 
the phenology of the studied organisms along the gradient 
of urbanization (Leong et al. 2016, Wohlfahrt et al. 2019). 
Future studies directly addressing multiple factors might help 
determine which are more important in shaping the observed 
patterns. Moreover, since the heat island intensity correlates 
positively with the size of the city (Parlow 2011), studies that 
include urban areas of different sizes could highlight different 
responses of plant and pollinator phenologies. Another limi-
tation of this study concerns our inability to evaluate pairwise 
differences in phenology that would drive more specific dis-
ruptions of function (e.g. pollination). Species-level responses 
can differ from community-level responses (Iler et al. 2013), 
and specialist species that closely depend on each other are 
likely more prone to a disruption of interactions than gener-
alist species if their partners are not available at a given time.

Here, we show that the phenology of plant and pollina-
tor communities responds differently to a gradient from less 
to more urbanized areas. The flowering peak and diversity 
were significantly advanced in sites at high urbanization, 
while pollinators did not display shifts overall. These asym-
metric responses can modify the patterns of plant–pollina-
tor interactions, and potentially drive a disruption of the 

Table 1. Model selection table for GLMMs for the overall flowering and pollinator phenology. Flower cover was logit transformed, and 
models had Gaussian family error distribution (identity-link). Models on pollinator abundance had negative binomial distribution (log-link). 
All models included sites as random factors. Only the best model(s) are shown (ΔAICc < 4). The complete list of GLMMs coefficient values 
are reported in Supplementary material Appendix 4 Table A1. Int: intercept. Urb: urbanization class (low, medium, high). Day: Julian day of 
the year. Day2: squared Julian day of the year to allow for nonlinear effects. W: model weight. +: significant effect of explanatory variables 
in a given model.

Model Int Urb Day Day2 Urb:Day Urb:Day2 df logLik AICc ΔAICc W

Total flower cover
  Mod32 + + + + + + 11 –145.46 317.5 0.00 0.986
Total pollinator abundance
  Mod4 + + + 5 –304.71 620.4 0.00 0.246
  Mod2 + + 4 –305.92 620.5 0.09 0.236
  Mod6 + + + 6 –304.16 621.7 1.29 0.129
  Mod3 + + 4 –306.60 621.8 1.44 0.120
  Mod8 + + + + 7 –303.07 622.0 1.60 0.111
  Mod7 + + + 6 –304.81 623.0 2.59 0.067
Total flowering plant richness
  Mod4 + + + 4 –149.51 307.6 0.00 0.433
  Mod24 + + + + + 8 –145.32 309.0 1.40 0.215
  Mod16 + + + + + 8 –145.63 309.7 2.03 0.157
  Mod8 + + + + 6 –148.17 309.7 2.06 0.155
Total pollinator richness
  Mod3 + + 3 –227.09 460.5 0.00 0.377
  Mod2 + + 3 –227.21 460.8 0.25 0.333
  Mod4 + + + 4 –227.01 462.6 2.10 0.132
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pollination function. However, the relatively constant tem-
poral abundance and diversity of pollinators coupled with a 
high availability of floral resources provided by local practi-
tioners should offer reassurance. Our results can also inform 
decision-makers about the type of management of urban 
green areas and their value to local pollinators. Future stud-
ies should investigate the link between changes in phenology 
and function in the urban environment, and focus on specific 
interactions to highlight which species are more susceptible 
to mismatch.
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